Climate forecasts agree that increased variability and extremes will tend to reduce the availability of water in many terrestrial ecosystems. Increasingly severe droughts may be exacerbated both by warmer temperatures and by the relative unavailability of water that arrives in more sporadic and intense rainfall events. Using long-term data and an experimental water manipulation, we examined the resilience of a heterogeneous annual grassland community to a prolonged series of dry winters that led to a decline in plant species richness (2000)(2001)(2002)(2003)(2004)(2005)(2006)(2007)(2008)(2009)(2010)(2011)(2012)(2013)(2014), followed by a nearrecord wet winter (2016-2017), a climatic sequence that broadly resembles the predicted future in its high variability. In our 80, 5-m 2 observational plots, species richness did not recover in response to the wet winter, and the positive relationship of richness to annual winter rainfall thus showed a significant weakening trend over the 18-year time period. In experiments on 100, 1-m 2 plots, wintertime water supplementation increased and drought shelters decreased the seedling survival and final individual biomass of native annual forbs, the main functional group contributing to the observed long-term decline in richness. Water supplementation also increased the total cover of native annual forbs, but only increased richness within nested subplots to which seeds were also added. We conclude that prolonged dry winters, by increasing seedling mortality and reducing growth of native forbs, may have diminished the seedbank and thus the recovery potential of diversity in this community. However, the wet winter and the watering treatment did cause recovery of the community mean values of a key functional trait (specific leaf area, an indicator of drought intolerance), suggesting that some aggregate community properties may be stabilized by functional redundancy among species.
ecological systems to heightened variability in climatic water supply is an urgent issue demanding increased theoretical and empirical attention (Ogle et al., 2014; Reyer et al., 2013; Seddon, MaciasFauria, Long, Benz, & Willis, 2016; Smith, 2011) .
Drought responses may be nonlinear, with the potential to cross thresholds beyond which a system shows delayed or no return to its earlier state (Smith, 2011; Smith et al., 2015) . Related to this, drought responses may often show "ecological memory" in which effects of the current climate depend on the climatic sequences of previous years (Ogle et al., 2014) . Mechanisms underlying nonlinearity and ecological memory may be physiological, as when droughts cause cumulative xylem damage that increases a plant's vulnerability to further water stress (Anderegg et al., 2013) , or may lie at the community level, as when droughts alter competitive outcomes that govern the course of succession (Kreyling, Jentsch, & Beierkuhnlein, 2011) . Grasslands are particularly likely to respond in nonlinear and history-dependent ways to increased climatic variability, given that timing of delivery is a critical aspect of how rainfall affects herbaceous communities in semiarid climates (Cherwin & Knapp, 2012; Hovenden, Newton, & Porter, 2017; Kimball, Gremer, Angert, Huxman, & Venable, 2012; Levine, McEachern, & Cowan, 2011) . In one of the few studies to manipulate variability independently of total rainfall, higher intra-annual variability led to declines in grassland productivity and CO 2 flux (Harper, Blair, Fay, Knapp, & Carlisle, 2005; Knapp et al., 2002; Nippert, Knapp, & Briggs, 2006) . Declines in plant species diversity are a frequently observed consequence of natural or experimental droughts in grasslands, with uncommon species especially likely to disappear (Adler & Levine, 2007; Cleland et al., 2013; Hovenden et al., 2017; Smith & Knapp, 2003; Zavaleta et al., 2003) . Both the duration and the consequences of such declines may vary considerably. Some apparent disappearances may actually be the result of facultative seed dormancy, in which case aboveground diversity should recover quickly when conditions improve (Hopfensperger, 2007) . When drought-induced diversity loss does occur, it may alter aggregate community properties ("ecosystem functions") such as productivity or nutrient cycling, but this depends on both the functional traits of the lost species and the degree to which functionally similar species show compensatory responses Hallett et al., 2014; Isbell et al., 2011; Smith & Knapp, 2003) .
Drought is expected to exert particularly strong negative effects on plant species with the fast-growing functional strategy, which entails higher relative growth rates, higher nutrient requirements, lower water-use efficiency, and a higher tendency to escape drought through seed dormancy, as compared with plants having the converse stress-tolerator strategy (Dwyer, Hobbs, & Mayfield, 2014; Kimball et al., 2012; Westoby, Falster, Moles, Vesk, & Wright, 2002) .
Specific leaf area (SLA; leaf area/dry mass; or its inverse, leaf mass/ area LMA) is a widely used morphological correlate that tends to be high in fast-growing species and low in stress tolerators (Dwyer et al., 2014; Kimball et al., 2012; Westoby et al., 2002) . Drought may be expected to shift community composition toward stress-tolerant, lower-SLA species (e.g. Harrison, Damschen, & Grace, 2010; Harrison, Gornish, & Copeland, 2015; Kimball et al., 2012; Soudzilovskaia et al., 2013) . Because the higher-SLA, more N-rich leaves of fast-growing species produce more labile litter than the leaves of stress tolerators, such shifts could have ecosystem-level implications (Cornwell et al., 2008; de Vries et al., 2012; Santiago, 2007) .
California in the 21st century provides a natural experiment on the resilience of ecosystems to heightened climatic variability. In 2000-2015, most years were drier than average, and 2012-2014 were three of the driest years ever recorded (MacDonald et al., 2016) . In winter 2016-2017, the severe drought ended dramatically with record or near-record precipitation in most of the state . This abrupt switch from extreme drought to extreme rainfall exemplifies a coupled oceanic-atmospheric phenomenon that is predicted to intensify under a warming climate . For California's annual-dominated grasslands, expectations for resilience and recovery depend on the mechanisms by which the drought affected plant demography. If drought mainly induced seed dormancy, communities should recover relatively quickly as wet conditions stimulate germination from the seedbank. However, if the drought caused extensive mortality and/or diminished growth leading to lower seed production, recovery might be delayed by the depletion of the seedbank.
Using observations coupled with experiments, we examined a Californian grassland in which species richness and community mean SLA had been found to decline in response to drier winters from 2000 to 2014 . By continuing the earlier observational data collection and analyses, we asked (1) did species richness and mean SLA rebound to predecline values following the wet winter of 2016-2017, or alternatively, did the positive rainfallrichness and rainfall-SLA relationships weaken over time? By manipulating winter rainfall with watering and drought shelters, we asked (2) can winter drought induce community changes similar to those we observed from 2000 to 2014? By nesting seed additions into the water manipulations, we asked (3) does winter drought reduce seedling survival and/or final plant biomass, which (assuming the biomass-fecundity correlation commonly observed in annuals) could deplete the seedbank and diminish resilience; and finally (4) can species richness and mean SLA recover when the water supply is enhanced, or must seeds also be added to restore these properties, as would be predicted if the seedbank has been depleted by pro- .
Grassland community composition was measured beginning in 2000 at 80 highly heterogeneous sites widely dispersed around the reserve, with about half of sites on serpentine and half on nonserpentine soils . Each site consisted of five permanently marked 1-m 2 quadrats evenly spaced on a 40-m transect.
Sites were ≥50 m apart and were well interspersed. Species composition was sampled annually in April and June; presence (2000 -2014 and visually estimated maximum cover (2006) (2007) (2008) (2009) (2010) (2011) (2012) (2013) (2014) were recorded for each species.
We measured specific leaf area in 2010 using standardized protocols (Cornelissen et al., 2003) on 10 individuals per native annual forb species on each soil type. Using these one-time trait measurements, community mean values of native annual forb SLA were computed for each site in each year, both weighted by cover (2006-2014) and unweighted (2000-2014) . Declining community mean SLA in the context of declining diversity would indicate that a community is selectively losing its drought-intolerant species (e.g. Harrison et al., 2010 Harrison et al., , 2015 Soudzilovskaia et al., 2013) .
Data on weather variables, including winter (1 December to 1 March) precipitation (Figure 1 ), were obtained from the Knoxville
Creek weather station of the Western Regional Climate Center, near the center of our roughly 4 9 7 km study landscape.
In previous analyses of the 2000 -2014 community data (Harrison et al., 2015 , we found that on both soil types (1) total species richness, and richness of nearly all functional groups, declined over the study period, with native annual forb richness declining fastest; no functional group increased substantially in either richness or cover. (2) Community mean SLA also declined, as high-SLA species "blinked out" more frequently and "blinked in" less frequently over time than low-SLA species. (3) These declines in richness were localized, and relatively few species disappeared from the entire set of sites. In analyses of the 2000-2014 weather data, we found that (4) winter rainfall, and both winter and spring (March-May) humidity and cloud cover all declined, whereas no other quarterly mean, minimum, or maximum climatic variables showed significant trends. Linking the community and weather data, in autoregressive time series models, we found that (5) 
| Analyses
To ask if changes in species richness were driven by winter rainfall, we used a generalized linear mixed effects model with winter precipitation (fixed) and site (random) and an autoregressive error structure for each site to account for previous year effects on current year response. To test for a significant weakening over time in the effects of rainfall on species richness, as is expected if the community has become less resilient, that is has lost some of its tendency for richness to rebound in wet years, we used a multilevel model with a term for temporal change in the coefficient for rainfall (Cressie & Wikle, 2011) :
where Y t is total or native annual forb richness at time t, b 
| Shelter subexperiment
Also in spring 2015, 10 shelter sites and 10 shelter control sites were chosen, interspersed with the watered sites, but only in grasslands on deep serpentine soils. (It was logistically impossible to secure shelters on the rocky serpentine outcrops, and the nonserpentine grasslands in the experimental location were depauperate in forb diversity.) Ten 3 9 3 m drought shelters were constructed following the design of DroughtNet (wp.natsci.colosta te.edu/droughtnet) except that the removable roofs intercepted 100% of rainfall. Roofs were placed on the shelters from approximately 1 December to 1 March 2016 and 2017. Since an average of 60% of annual rainfall occurs from 1 December to 1 March, this treatment should exclude roughly 60% of total annual rainfall, making it similar to the DroughtNet "extreme" protocol (= the 1st quantile of annual precipitation, which at this site is a 62% reduction in the mean) except for its more concentrated seasonal timing. To reduce intrusion of wind-borne rainfall, we suspended vertical 30 9 240 cm panels of clear polyethylene on wooden frames on the S and W sides of each shelter, blocking roughly 25%-33% of the side of the shelter.
Because increased temperatures are among the most common side effects of drought shelters (Vogel et al., 2013) , we measured temperatures in shelter and shelter control sites throughout the 2016 treatment period, using Thermochron I-Buttons (Maxim Integrated, San Jose, CA, USA), placed on the ground inside 12-cm lengths of 5-cm PVC pipe to shield them from moisture and direct sun (Ashcroft & Gollan, 2012) . On four irregularly spaced dates during both the 2016 and 2017 treatment periods, soil moisture was measured in shelter and shelter control sites at 2 and 12 cm depths, similar to seedling root depths, using a FieldScout time-domain reflectometer (Spectrum Technologies, Aurora, IL, USA). The average of five readings was recorded for each date, site, and depth.
| Data collection
In both subexperiments, each site included a 1 9 1 m "core" plot, which either had the sprinkler at its center, or was centered underneath the 3 9 3 m shelter (except for controls). These core plots were sampled identically to the observational plots in 2015 (prior to treatment), 2016, and 2017, and were otherwise unmanipulated. In
July of each year a 25 9 25 cm sample of community biomass, representing annual net primary productivity, was gathered immediately adjacent to the core plot, dried, and weighed.
Each site also included a "diversity" (seed addition) plot to test whether seeds were a limiting factor for the recovery of diversity.
Each of these 30 9 30 cm plots was 15 cm outside the core plot, and was paired with an identical "diversity control" plot 15 cm inside the core plot and 30 cm from the diversity plot. Diversity plots T A B L E 1 Native annual forbs used in seed additions. In demography plots, each of nine species was added individually to one 10 9 15 cm subplot within the 90 9 30 cm plot. In diversity plots, a 10-species mixture was added to the 30 9 30 cm plot received a mix of 10 native annual forb species, chosen on the basis of availability in the immediate area of the experiment and added to each plot on 15 October 2015 in amounts roughly equal to the output of one plant (Table 1) . Diversity and diversity control plots were sampled identically to and on the same occasions as the core plots.
Sixty sites also included a "demography" plot to determine which life stages were affected by the treatments. Demography plots were placed at 20 watered, 20 watering control, 10 shelter, and 10 shelter control sites, all on serpentine soils. Each was 90 9 30 cm, located 15 cm outside the core plot on a different side than the diversity plot. Seeds of nine native annual forb species were planted individually in 15 9 10 cm areas within each plot in fall 2016; species selection and seed amounts were similar to the diversity plots (Table 1) 
| Analyses
The watering and shelter subexperiments were analyzed separately, since the watering subexperiment spanned a wider range of commu- To test whether watering and shelter treatments affected community composition in the core plots, we used linear models with treatment as the predictor. As dependent variables, we used the changes (2017 minus 2015) in total community biomass (log-transformed), total species richness and cover, native annual forb species richness and cover, and the abundance-weighted community mean of specific leaf area of native annual forbs.
To test whether seeds were a limiting factor for the recovery of diversity in the diversity plots, we used Poisson generalized linear mixed effect models with watering or shelter treatment, seed addition, and their interaction as predictors with a random intercept for plot. As dependent variables we used total and native annual forb species richness.
To test for watering and shelter treatment effects on different life stages in the demography plots, we again used generalized linear mixed effects models. For seedling mortality, we used binomial models, with the numbers of plants of each species in each plot that did or did not survive to 1 March as the dependent variable; treatment (fixed) as the predictor; and random intercepts for species. To allow species to vary in their response to treatment, while also estimating the overall effect of treatment on demography, we included a random slope for species. For plant final size, we used linear mixed effect models with log-transformed final biomass of individual plants as the dependent variable; and with the same fixed and random effects structure as in the mortality models. We did not analyze seedling emergence because we observed nearly all emergence to occur before initiation of the treatments on 1 December.
3 | RESULTS
| Observational data
Despite In contrast to species richness, community mean specific leaf area did increase following the wet winter, and its relationship with rainfall did not significantly weaken over time (Figure 4 ).
| Experiment
In the core plots on serpentine soils, the watering treatment caused water, serpentine, 14.0 AE 9.0; water control, serpentine, 13.3 AE 8.3;
water, nonserpentine, 27.2 AE 7.3; water control, nonserpentine, 26.3 AE 5.5; shelter, 17.9 AE 7.9; shelter control, 14.4 AE 8.6).
In the diversity plots on serpentine soils, there was a significant treatment by seed addition interaction, such that watering had a strong positive effect on total species richness but only in the presence of seed addition ( Figure 5 ). The same effect was significant for native annual forb species richness in the watering treatment on serpentine soils (z = 2.61, p = .009). Trends were similar in direction but nonsignificant for the shelter treatment, and for the watering treatment on nonserpentine soils, both of which had lower replication ( Figure 5 ).
In the demography plots, watering decreased and shelters increased seedling mortality (Figure 6 ). Likewise, watering increased On serpentine soil (a), the interaction of watering and seed addition was significant (z = 2.33, p = .020); no other effects were significant
Community mean specific leaf area, an aggregate community property reflecting a high relative prevalence of drought-intolerant species (Dwyer et al., 2014; Kimball et al., 2012; Westoby et al., 2002) , showed greater resilience to climatic variability than species richness. Community mean SLA recovered in the observational plots in 2017 so that its significant relationship with annual rainfall showed no weakening trend over time. Recovery of mean SLA without recovery of diversity presumably reflects that the high-SLA species persisting in each site increased in response to wet conditions, even though the high-SLA species that had disappeared did not reappear. This result indicates functional redundancy, or the tendency for functionally similar species to compensate for one another's contributions to community attributes. Many authors have noted that high species richness in communities leads to a high potential for functional redundancy to stabilize community and ecosystem properties (e.g. Hallett et al., 2017; Isbell et al., 2011) . Moreover, because the fast-growing functional strategy has been linked to litter lability, and in turn to effects on microbial communities and nutrient cycling (e.g. Cornwell et al., 2008; de Vries et al., 2012; Santiago, 2007) , the resili- Some grassland studies have concluded that enhanced rainfall has indirect negative effects on diversity mediated by increased abundances of exotic annual grasses, the dominant competitors (e.g. Dudney et al., 2017; Levine & Rees, 2004; Suttle, Thomsen, & Power, 2007) , whereas other studies have found the direct positive effects of rainfall on diversity to predominate (e.g. Hallett et al., 2014; Adler & Levine, 2007; Levine, McEachern, & Cowan, 2010; Zavaleta et al., 2003) . Our current results, as well as earlier ones from this study system (Elmendorf & Harrison, 2009; Fernandez-Going, Anacker, & Harrison, 2012; Harrison et al., 2015) , tend to agree better with the latter conclusion. In our observational data, the cover of exotic annual grasses did not mediate the ; z = À3.13, p = .002) and shelters increased mortality (N = 10, 10; z = 4.94, p < .001), in models that also included species (as a random effect) and species 9 treatment interactions temporal trends in total or native annual forb diversity , and in our experiments, adding water during the cool midwinter months affected native annual forbs without significantly increasing community biomass or exotic annual grass cover.
Our results partially contrast with those of Suttle et al. (2007) , who found little effect of water addition in winter, and with those of Eskelinen and Harrison (2015) , who detected only modest effects of springtime water addition on grasslands on serpentine soils unless it was combined with fertilization, which then led to increased exotic biomass and loss of native diversity. We speculate that these contrasts can be explained by the targeted nature of our watering treatment, which alleviated weekly variation in water availability at a time of year when native annual forbs are small, shallow-rooted, and evidently highly vulnerable. Our results also contrast with studies focusing on the extreme drought years of 2013-2014, in which exotic annual grasses were affected more negatively than native annual forbs, both aboveground (Copeland et al., 2016) Whether future climates will be favorable to such gradual recov-
ery is an open question, given the expectation of ever more variable and extreme conditions (Cook et al., 2015; MacDonald et al., 2016; Wang et al., 2017) , and given that most plants are unlikely to disperse fast enough to keep up with rapid climatic shifts (Corlett & Westcott, 2013) .
